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Abstract – Chemicals do not occur alone in the environment but most ecotoxicological assessments target
the effect of single chemicals on aquatic communities and the establishment of legal limits is based on them.
The present study assesses how plankton communities respond to single and mixture treatments of copper
sulphate and ammonium nitrate where both agrochemical concentrations are below legal limits. Twenty-five
microcosms were used to assess the effects of four treatments (n= 5): (1) low nitrate (L) of 25mgL�1; (2)
high nitrate (H) of 50mgL�1; (3) copper treatment (CU) of 0.04mgL�1 of copper; and (4) interaction
treatment (I) of 50mgL�1 of nitrate applied together with 0.04mgL�1 of copper, and the controls (C).
Plankton abundance, phytoplankton biovolume and zooplankton community structure (changes in the
diversity and richness) were used as structural endpoints, and oxygen production and litter decomposition as
functional indicators. Overall, results show no effect on the plankton community exposed to agrochemical
under legal limits in single neither in mixture treatments. Only by the end of the experiment, total
zooplankton abundance shows differences between interaction treatment (I) and the rest of the treatments
and controls. Concretely, the interaction treatment suggests how a nutrient enhancement from ammonium
nitrate addition may counterbalance the toxic effect of copper sulphate on zooplankton, most likely as a
result of higher phytoplankton availability that positively influences zooplankter survival. Both drastic and
subtle effects on communities are relevant for disentangling how chemicals interact under European current
legal limits.
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1 Introduction

Intensive agricultural practices are characterized by
multiple applications of agrochemicals, mixtures of which
enter water bodies by spray drift, runoff or leaching,
potentially causing adverse effects on freshwater ecosystems
(Parra et al., 2005; Van Wijngaarden et al., 2005a).

Consumption of manufactured fertilizers based on nitrogen
in Europe is translated into 10.4million tons of nitrogen (N) in
2011/2012 (Eurostat, 2017a). At the same time, fungicides,
together with bactericides, account for 38.4 thousand tons
(Eurostat, 2017b). Ammonium nitrate is a broad-spectrum
fertilizer used worldwide. Ammonium quickly transforms into
nitrates (NO3

�) by nitrification processes, even though nitrate
naturally occurs in aquatic systems, its concentrations have
drastically increased owing to agricultural runoff (Camargo
and Ward, 1995). A major consequence of nutrient increase is
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eutrophication, which triggers phytoplankton blooms due to
nutrient availability or species interactions changes (i.e.
disruption to grazing pressures from zooplankton) effects
leading to water quality degradation (Schindler, 1977;
Schindler, 2006; Dokulil and Teubner, 2011). In addition,
many studies warn of the effect of nitrates on freshwater
vertebrates and invertebrates (e.g. Camargo and Ward, 1995;
García-Muñoz et al., 2011). Now focusing on the fungicide,
copper sulphate is used as a fungicide, herbicide and algaecide
worldwide (Kungolos et al., 2009), and may therefore reach
aquatic systems both by direct application or runoff. Apart
from its persistence and negative environmental effects,
copper, as a heavy metal, is a public concern due to its impact
on human health (Duruibe et al., 2007). Copper induces
disruptive effects in aquatic systems, such as changes in
community structure, carbon transport across the food web,
bioavailability and ecological interactions (Havens, 1994;
Mastin and Rodgers, 2000; del Arco et al., 2014). The
importance of unbalanced food web changes for the whole
community cannot be overlooked. For instance, a microcosm
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experiment assessing the adverse effects of an insecticide
(Chlorpyrifos) in plankton communities showed that changes
in grazing pressures owing to a decrease in microcrustacean
populations resulted in signs of eutrophication (increases in
chlorophyll a and algae abundances versus decreases of
dissolved oxygen and pH changes) which will have adverse
effects on both the biota and water quality parameters (Van
Wijngaarden et al., 2005a). Furthermore, looking at zooplank-
ton under Cu exposure, Parra et al. (2005) found adverse
effects on hatching rates and nauplii survival in copepods
(Arctodiaptomus salinus) under copper concentrations lower
than expected field values. Although both agrochemicals have
different lifespans, grades of reactivity and persistence, seems
realistic that fertilizers and fungicides co-occur in the
environment, especially in wetland watersheds surrounded
by intensive agriculture. By this reason, ammonium nitrate as a
fertilizer and copper sulphate as a fungicide have been the
selected agrochemicals for the microcosm experiment pre-
sented here.

Under the multi-stressors framework to seek the means to
identify, diagnose and tackle those stressors effects is key to
identify and priorities water management strategies (Ormerod
et al., 2010). Pointing out this concern, legal limits are mostly
established based on single test species considering only single
chemical exposure and standard species. Even though safety
factors are applied to counterbalance the limitations of single
species tests, it may not be enough to prevent the
environmental risks of stressor mixtures and to understand
the consequences in the ecosystem. However, despite efforts
towards more complex scenarios (e.g. microcosms experi-
ments), there is a lack of environmentally realistic exposure
because most of the studies disregard chemical mixtures that
unavoidably occur in natural water bodies. It is well-known
that chemicals co-occur, so then, potentially they can interact
resulting in additive (sum of the individual effects),
antagonistic (less than additive) and synergistic (more than
additive) effects (Lydy et al., 2004; Jonker et al., 2005). In this
sense, there is a lack of studies for routinely-found chemical
concentrations and their cocktail effects on ecosystems
(Laskowski et al., 2010; De Laender and Janssen, 2013;
Van den Brink, 2013) this brings up the question whether
current legal limits are safe enough. Our study presented here
seeks to contribute to the claim of the need for more complex
multispecies experiments exposed to mixtures targeting
community responses (De Laender and Janssen, 2013).

Therefore, the aim of our study was to evaluate how
treatments with agrochemical mixtures within legal limits
affect freshwater ecosystems, focusing on plankton communi-
ty. Our hypothesis is that no effects of exposure to a single
toxicant on the community are expected because the doses are
under legal limits but treatments with mixtures will have
effects on the community because of toxicants' co-occurrence
resulting on potential chemicals effect interactions.

2 Materials and methods

2.1 Microcosm set-up

The effects of agrochemical mixtures on plankton
communities were assessed using microcosms with natural-
ly-occurring plankton communities from a local pond [Casillas
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wetland, UTM 30SVG1084 with a surface area of 2.7 ha
(Ortega et al., 2006)]. Microcosms (circular plastic buckets
with a volume of 50 L) were filled with 45 L of commercial
mineralized water, covered with mesh lids to avoid immigra-
tion by larger organisms and/or spores and randomly located
outdoors in an experimental wetland infrastructure at the
University of Jaén. Hauls with a plankton net (53mm) were
done in a local pond (Casillas wetland) to collect plankton
samples which were homogenized and equally distributed
among the microcosms. At the same time, superficial sediment
layers of the pond were extracted using a shovel to set a 5-cm
layer in all microcosms after their homogenization. A diverse
zooplankton community was developed from all the inoculated
pond plankton samples up to hatching from the sediment
resting eggs, with the presence of rotifers, cladocerans,
copepods and ostracods species. The phytoplankton commu-
nity developed from the inoculated pond water coming from
the plankton and sediment samples.

The plankton community and sediment were inoculated in
March 2013 to allow the development of a plankton
community in the microcosms before the start of the
experiment a month later in April 2013. The exposure
experiment lasted 49 days (from D0 until D49). The
agrochemical mixtures were spiked with a single treatment
on D0 after plankton samples were taken to capture initial
community conditions. The treatments consisted of four
different agrochemical perturbations and the controls (C and
single or interaction treatments, n = 5). The agrochemical
perturbation treatments included two single treatments of
nitrate of 25mg L�1 (low nitrate treatment, L) and 50mgL�1

(high nitrate treatment, H), one single treatment of copper of
0.04mgL�1 (copper treatment, CU), and an interaction
treatment with 50mg L�1 of nitrate applied together with
0.04mgL�1 of copper (interaction treatment, I). The
concentrations of nitrate and copper employed in the
treatments were selected based on the legal limits established
by Council Directive 80/778/EEC (revised as Council
Directive 98/83/EC) for nitrates (50mgL�1; while 25mgL�1

was selected to explore a lower concentration within legal
limits), Council Directive 91/676/EEC for nitrates and
Boletín Oficial del Estado (BOE, 2011) for copper (0.04mg
L�1) following the Water Framework Directive (WFD)
(Directive 2000/60/EC).
2.2 Physical and chemical variables

The physical and chemical conditions of the microcosms
were assessed weekly in the morning (8 a.m.). The environ-
mental conditions measured in situ, using a field probe (YSI-
556MPS), were temperature, pH, dissolved oxygen (DO), and
conductivity (mS cm�1). Alkalinity was measured in the
laboratory, water samples (100mL) were taken and transported
in cold and darkness conditions for analysis using an
848Titrino Plus device.

Nitrate and copper stock solutions were prepared using
ammonium nitrate (NH4NO3) and copper sulphate (CuSO4),
respectively. A single agrochemical treatment (aliquots of the
stock solutions) was spiked with its corresponding treatment
on D0 on the surface of the water in the microcosm after the
first physical, chemical and biological sampling. The micro-
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cosms were gently stirred to ensure homogeneous agrochemi-
cal distribution along the water column. After the treatment, a
sample of 50mL of water was taken to corroborate whether
nominal concentrations were reached. A standard laboratory
protocol was used to analyze nitrate concentrations (APHA,
1995). The ammonia concentration was measured by
photometric water analysis using a NANOCOLOR kit (DIN
38406-5, German Institute for Norms, Photometric determi-
nation as indophenol, range from 0.05–3.00mg NH4

þL�1);
and copper was analyzed by inductively coupled plasma mass
spectrometry (ICP-MS). Average exposure concentrations
(AEC) were calculated in controls and treatments as the
average concentration of agrochemicals throughout the
experiment.

2.3 Biological endpoints

The phytoplankton community response to the toxicants
based on abundance and the community size structure endpoint
was evaluated weekly by chlorophyll a (Chl a) and flow
cytometry measurements, respectively. The endpoints were a
proxy of phytoplankton abundance (cellular densities mea-
sured by cytometry and Chl a concentration), biovolume and
community size structure (pico-, ultra-, nano- and micro-
phytoplankton biovolume size classes). Chl a concentration
was determined by fluorometry (AquaFluor from Turner
Design). A calibration curve was calculated based on samples
that were filtered through Whatman GF/C glass microfiber
filters, and extracted in 90% acetone for 24 h at 4 °C (Strickland
and Parsons, 1968). Cytometry analysis was performed on
water samples preserved in glutaraldehyde (2% f.c.), frozen in
liquid nitrogen and stored at 80 °C until analysis with a BD
LSRFortessa flow cytometer. Calibration spheres were used to
obtain a cell-size calibration curve. Four cell-size groups were
studied: picophytoplankton (0.4–2mm3), ultraphytoplankton
(2–8mm3), nanophytoplankton (8–20mm3) and microphyto-
plankton (> 20mm3). An acquisition time of 180 s at a rate of
60mLmin�1 was a set parameter to measure the abundance of
population cells. These data were analyzed with FACSDIVA
software.

The zooplankton was identified, counted and grouped to
assess community response to the toxicants weekly by
abundance, community structure and diversity based on the
lowest taxonomic practical levels (TPL) (Van Wijngaarden
et al., 2005b; del Arco et al., 2016). The endpoints assessed
were abundance (ind L�1), community structure (PRC),
richness and diversity (Shannon-Wiener diversity index, using
a natural logarithm). Integrated water samples with zooplank-
ton (0.5 L, plankton net of 60mm) were taken from each
microcosm and preserved in formaldehyde (4% f.c.). The
filtered water was returned to the microcosm. Zooplankton was
counted, identified and grouped into the following eight
taxonomic practical levels (TPL): Ostracods, calanoid
copepods (Neolovenulla alluaudi), cyclopoid copepods
(Acanthocyclops sp. plus Metacyclops sp.), nauplii (calanoida
plus cyclopoida), Ceriodaphnia reticulata, Alona sp., Macro-
thrix hirsuticornis and rotifers.

Oxygen production was estimated by diurnal oxygen
fluctuations as a proxy of ecosystem productivity (Cole et al.,
2000; Downing and Leibold, 2010). It was measured weekly at
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the start (8 a.m.) and at the end (8 p.m.) of the day, with a
spring-summer photoperiod (12:12), using a field probe (YSI-
556 MPS).

Litter decomposition was assessed by incubating alder
leaves (Alnus glutinosa) in order to compare the percentage of
ash free dry mass (AFDM) between controls and treatments at
the end of the experiment following the protocol of Gessner
and Chauvet (1994). Litter decomposition aimed at obtain
information of microbial activity in our controlled experimen-
tal microcosms, although in natural systems other influencing
physical and biological factors (i.e. physical abrasion, nutrient
enrichment) should be considered (Castela et al., 2008; Pérez
et al., 2011; del Arco et al., 2012).

2.4 Statistical analysis

The effects of single agrochemical treatments and mixtures
in the planktonic community at both structural and functional
levels were assessed through analysis of variance by linear
mixed effects (LME) models (Pinheiro et al., 2017) followed
by a post hoc analysis (least squares means) when significant
differences due to treatment, time or their interaction were
detected (Lenth, 2016). The model considered the treatment,
time and their interaction as fixed effects and the microcosms
as the random effects. In addition, the zooplankton community
structure was analyzed by principal response curves (PRC, van
den Brink and ter Braak, 1999). PRC is an ordination analysis
based on redundancy analysis ordination (RDA) that allows a
graphic observation of the overall community response to the
treatments during the experiment compared to the controls
(van den Brink and ter Braak, 1999; Roessink et al., 2005;
Zafar et al., 2012). In addition, the species weights are
represented at the side of the graph, which inform about the
affinity of the different species with the overall response
showed by the PRC. Species can have a positive, negative or
null value, meaning that the species changes are directly,
indirectly or not correlated to the main response trend
respectively. Differences between the curves of the different
treatments respect to the controls indicate changes in
communities due to the agrochemical exposure.

3 Results and discussion

3.1 Physical and chemical variables

Nitrate and copper measurements were taken to corrobo-
rate intended nominal concentrations and average exposure
concentrations (AEC) calculated in each treatment (Tab. 1).
During the experiment, the average percentages of nitrate
concentrations were 51.6 ± 33.9% (L treatment), 55.3 ± 30.4%
(H treatment) and 47.4 ± 34.5% (I treatment) of the target
nominal concentrations in each treatment. The percentages of
nominal copper concentrations were 38.9 ± 11.0% (CU
treatment) and 46.0 ± 10.5% (I treatment). Although nitrate
was the study target, levels of ammonium were assessed to
account for its toxicity because of its ecological importance.
Ammonium concentrations were lower than 0.05mg NH4

þ

L�1 in all treatments.
All experimental microcosms experienced similar physical

andchemical conditions (aside from the agrochemical treatments)
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Table 2. Results of the linear mixed effects (LME) analysis showing the effects of treatment, time and theirs interaction on physical-chemical,
functional and structural endpoints along the experiment. Litter decomposition was analyzed only at the end of the experiment (D49). Bold
values indicate significant effects (p< 0.05).

Endpoint Treatment Time Treatment� time

Physical-chemical
Temperature (C) p= 0.845 p< 0.001 p = 0.993
pH p= 0.547 p< 0.001 p = 0.172
Conductivity (mS/cm) p= 0.090 p< 0.001 p = 0.070
%DO p= 0.749 p< 0.001 p = 0.070
O2 (mgL�1) p= 0.584 p< 0.001 p = 0.437
Alkalinity p= 0.468 p< 0.001 p = 0.177

Functional
Oxygen production (mg O2 h

�1) p= 0.412 p< 0.001 p = 0.143
Litter Decomposition p= 0.466 – –

Structural – phytoplankton
Total phytoplankton abundance (cell L�1) p= 0.439 p= 0.031 p = 0.374
Total phytoplankton biovolumen (mm3) p= 0.186 p= 0.001 p = 0.680
Picophytoplankton (cell L�1) p= 0.175 p< 0.001 p = 0.637
Ultraphytoplankton (cell L�1) p= 0.972 p= 0.006 p = 0.882
Nanophytoplankton (cell L�1) p= 0.210 p= 0.007 p = 0.457
Microphytoplankton (cell L�1) p= 0.268 p= 0.012 p = 0.393
Chl-a (mg L�1) p= 0.016 p< 0.001 p = 0.196

Structural – zooplankton
Total Zooplankton (ind L�1) p= 0.013 p< 0.001 p< 0.001
Rotifera (ind L�1) p= 0.066 p< 0.001 p< 0.001
Cyclopoida copepods (ind L�1) p= 0.172 p< 0.001 p = 0.546
Calanoida copepods (ind L�1) p= 0.498 p< 0.001 p = 0.271
Nauplii (ind L�1) p= 0.461 p< 0.001 p = 0.086
Ceriodaphnia reticulata (ind L�1) p= 0.545 p= 0.002 p = 0.766
Macrothrix hirsuticornis (ind L�1) p= 0.335 p< 0.001 p = 0.275
Alona sp. (ind L�1) p= 0.071 p< 0.001 p= 0.017
Ostracoda (ind L�1) p= 0.598 p< 0.001 p = 0.422

Table 1. Nominal target concentrations, concentrations measured right after adding the treatments (D0) and average exposure concentration
(AEC) in mgL�1 during the experimental period in each treatment (mean ± SD, n = 5).

Treatments Toxicant Nominal target concentration
(mgL�1)

D0 ± SD AEC (mgL�1)

L NO3
� 25 30.8 ± 11.1 14.0 ± 5.5

H NO3
� 50 41.0 ± 24.4 24.1 ± 14.4

CU Cu 0.04 0.051 ± 0.001 0.015 ± 0.044

I
Cu 0.04 0.058 ± 0.001 0.018 ± 0.042
NO3

� 50 46.2 ± 28.9 14.0 ± 5.5
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as indicated by the lack of any statistically significant differences
in temperature, pH, alkalinity, percentageofdissolvedoxygenand
conductivity (Tab. 2). The average measurements during the
experiment were 16.6 ± 3.0 °C; 8.0 ±0.1 pH; 87.3 ± 45.1 bicar-
bonate mgL�1; 71.7 ± 13.7% DO and 317.0 ± 77.3mS/cm
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respectively. Taking this into account, the responses presented
in the resultswill be linked to the experimental treatments because
nominal concentrations of individual agrochemicals andmixtures
were achieved and no physical and chemical differences between
microcosms were detected.
of 9



Fig. 1. Phytoplankton total abundance (cell L�1) values in each
treatment. C, L, H, CU and I stand for controls, low nitrate, high
nitrate, copper and interaction of nitrate-copper mixture respectively
(mean ± SD, n = 5).
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3.2 Biological endpoints

No statistical differences in total phytoplankton abundance
(Fig. 1), total biovolume and the biovolume of the cell-size
classes between controls and treatments were found for the
interaction of treatment� time (Tab. 2). Neither immediate nor
delayed consequences (influenced by life cycle generations or
disruption in trophic changes that may take longer to show
effects different from mortality) were detected in terms of cell-
size class composition of phytoplankton communities based on
the absence of differences between controls and treatments
(Tab. 2, Fig. 2). Changes in phytoplankton cell size was used
instead of species identification as it could be an appropriated
fast endpoint to complement the explanation of the changes
registered in zooplankton abundance and community shifts
(Quiñones, 1994; Kasai and Hanazato, 1995). For instance,
these include warnings about species changes, which may
differ in grazing capacity and will result in changes to
phytoplankton cell-size abundance. It is well-known that
edibility of phytoplankton modulates zooplankton grazing
capacity (Miracle et al., 2007; Holt, 2008; Scheffer et al., 2008;
Cumming et al., 2013) which could influence zooplankton
fitness and consequently its response to the toxicants.
However, the absence of differences between treatments in
terms of phytoplankton cell size pointed out the necessity for
including other flow cytometry identifiers as pigments or
cellular features to increase the usefulness of this tool.

Focusing on a more common proxy for phytoplankton,
such as Chl a, no differences were shown related to the
treatment� time (Tab. 2) but differences were denoted
between the control and I treatment (Tab. 2, post hoc= 0.009).
The Chl a graph (Fig. 3) suggests that such a specific difference
would most likely be related to the variance of I treatment on
the last sampling day (D49), probably related with the
smoother tendency to increase Chl a values than the other
treatments and controls after D28. This could be related to the
availability of nitrogen, leading to an increase in phytoplank-
ton abundance by the end of the experiment (Figs. 1 and 3)
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together with a decrease in grazing pressure from zooplankton
exposed to copper based on the known detrimental effects of
Cu on zooplankton (Parra et al., 2005; Gama-Flores et al.,
2007). No negative effect of CU treatments on phytoplankton
was observed as our treatment (0.04mg CuL�1) is an order of
magnitude lower than an effective concentration (EC10) of
0.265mg CuL�1 for Chl a reported in the literature (Pérez
et al., 2010). Both the mild phytoplankton responses to low
toxicants exposure and the complexity of the potential
counterbalance effects on the different trophic levels make
it impossible to disentangle the contribution of each
agrochemical effect in the interaction treatment, more
sampling days would be necessary. Therefore, based on our
results and on the endpoints selected, phytoplankton was not
affected by the treatments despite the crucial role of nitrogen
availability in shaping both phytoplankton abundance and
community structure (Conley et al., 2002; Carpenter, 2008;
Paerl et al., 2010). Moreover, the functional indicators
selected, oxygen production and litter decomposition did
not show statistical differences between treatments and
controls throughout the experiment (Tab. 2). Consequently,
we corroborate the hypothesis of unexpected effects on the
community with single exposure since chemicals were under
legal limits. On the contrary, the second part of our hypothesis,
co-occurring chemical having interacting effects, must be
rejected since the phytoplankton community in I treatment was
not different compared to the one in the controls.

In relation to zooplankton, richness (5.0 ± 0.7; 5.6 ± 0.2;
5.4 ± 0.5; 4.8 ± 0.9 and 5.0 ± 0 in the C, L, H, CU and I
treatments, respectively) and the Shannon-Wiener diversity
index (1.69 ± 0.25; 1.32 ± 0.63; 1.27 ± 0.60; 1.22 ± 0.60 and
1.82 ± 0.33 in the C, L, H, CU and I treatments, respectively)
based on TPL at the end of the experiment suggested that
zooplankton communities were highly similar despite the
treatments. However, statistical analysis detected differences
in total abundance and in the abundance of some taxa (rotifers
and Alona sp., Tab. 2) between controls and treatments and
among treatments. There is a broadly increasing rule of
sensitivity from copepods to cladocerans in the literature
(Hanazato, 1998). In accordance with this, in our experiment,
copepods did not respond to the treatments, possibly because
the copper concentration tested in this study (0.04mgL�1) is
lower than the published LC50 for copepods (0.247mgL�1,
Lalande and Pinel-Alloul, 1986) while Alona sp., as a
cladoceran expected to be more sensitive, showed differences,
with abundance being lower in CU and I treatments. Now,
looking at the rotifers, attending to the data in the literature
(Gama-Flores et al., 2007), an effect was expected on rotifers
based on a reported decrease in population abundances up to
41% in Brachionus calyciflorus when it was exposed to
0.0375mgL�1, 0.075mgL�1, 0.15mgL�1 of copper sulphate
for acute and chronic tests (Gama-Flores et al., 2007) with the
first two concentrations being similar to the copper concen-
trations of this study. PRC results were consistent with this
result (p< 0.001, Fig. 4), showing how the response of rotifers
dominates changes in zooplankton. Looking closer at the
differences in rotifers and Alona sp. post hoc denoted p-
values> 0.05 for rotifers and only found marginal differences
for Alona sp. between CU and H treatments (p= 0.065). In
addition, changes in the abundance of the rotifer population
mimic the dynamic of total zooplankton abundance, so the
of 9



Fig. 2. Phytoplankton community structure represented by cell size classes' biovolume (mm3) values in each treatment: C, L, H, CU and I stand
for controls, low nitrate, high nitrate, copper and interaction of nitrate-copper mixture respectively (mean ± SD, n= 5).
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differences found were dominated by rotifers, which had a high
variability by the end of the experiment as total zooplankton.
The grazing capacity of rotifers has been reported to be low to
control phytoplankton development comparing with macro-
zooplankton (Miracle et al., 2007). Nevertheless, its impor-
tance in the aquatic community cannot be neglected, and there
is a review that highlights their relevance as predators on
bacteria, flagellates and even small ciliates (Arndt, 1993). To
sum up, as in the phytoplankton community, the zooplankton
community did not show any effect caused by exposure to
single toxicants. However, the interaction treatment (I) by the
end of the experiment suggests a counterbalance effect
between the chemicals because of their mixture in the
microcosms water column. Although we have stated that
differences in zooplankton were not strong enough to denote
negative treatment effects, nonetheless, we would like to take a
closer look at D49. On D49, differences in zooplankton
suggested that nitrate addition (higher zooplankton abundance
in L, H and I treatments) could counterbalance the negative
Page 6
toxic effect of copper (CU treatment showing the lower
zooplankton abundance on D49 with respect to C and the other
treatments). This result could be explained by a compensation
of the negative effects of copper as a consequence of major
food availability due to the addition of nutrients favoring
phytoplankton growth in I treatment similar to L and H
treatments by the end of the experiment (D49, Figs. 1 and 3).
Caramujo and Boavida (1999) stated the importance of food
quality for reproductive cycles and development stages of
zooplankton taxa. In the same line, Chandini (1988) reported
the negative influence of food availability on the survivorship,
growth and reproduction of Echiniscatri serialiswhen exposed
to sublethal concentrations of cadmium. Focusing in rotifers,
that within this community could be the most sensitive
individuals to copper, their populations decreased under CU
treatments on D49, while the decrease is softer in the I
treatment owing to the addition of nitrate that could lead to an
increase in phytoplankton, resulting in more food availability
for rotifers that compensates the toxic effect of copper. Copper
of 9



Fig. 3. Chlorophyll-amean values in each treatment: C, L, H, CU and
I stand for controls, low nitrate, high nitrate, copper and interaction of
nitrate-copper mixture respectively (mean ± SD, n = 5).

Fig. 4. Zooplankton total abundance (ind L�1) values in each
treatment: C, L, H, CU and I stand for controls, low nitrate, high
nitrate, copper and interaction of nitrate-copper mixture respectively
(mean ± SD, n = 5).

Fig. 5. Principal Response Curve (PRC): ordination method
representing the main community response (y-axis, effect) to the
treatment effect over time (x-axis, days) with respect to the controls
(continuous line in the middle of the graph represent the C and the
lines in black, red, green and blue represent L, H, CU and I
treatments). The axis on the right summarizes the zooplankton
community response based on its more influent taxa; it represents the
species weights expressed as the level of affinity that each taxa had
with the main trend of the PRC (n= 5).
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exposure was within legal limits (0.04mgL�1) no effect on
rotifers would have been previewed; working so close to the
limit of sensitivity may explain the subtle response of rotifers
detected at the end of the experiment. Other studies have
reported acute testing (48-h exposure) of rotifer species
neonates (Lecane hamate and L. quadridentata) resulting in
LC50 values of 0.06–0.33mgL�1 (Pérez-LegaspiI and Rico-
Martínez, 2001). However, another study has described a
lower value of LC50 (24-h exposure) for Brachionus
calyciflorus of 0.02mgL�1 for copper sulphate (Snell and
Persoone, 1989). Additionally, the most relevant fact is that
mixtures of agrochemicals may modulate the response of
rotifers. Even subtle changes that may be overlooked could
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trigger a community shift or changes in process rates in the
long term, leading to impacts of higher magnitude (Scheffer
et al., 2008). In this respect, Zagarese (1991) and Hanazato
(1998) described the consequences of zooplankton abundance
and taxa shifts on the whole community structure, influencing
the spring clear-water phase in lakes and fish larvae
development. In addition, this community response capacity
would not mean the absence of a negative effect with respect to
unexposed communities, but it showed that the community
response is more highly complex than expected under a
mixture of chemicals because the magnitude of the effects is
highly dependent on which species are changing and theirs role
in the community (Fig. 5).

4 Conclusions

To sum up our general hypothesis, as expected no single
toxicant effects were detected after the application of
treatments because doses were within legal limits. Regarding
the second part of the hypothesis, that mixture treatments
would have effects on the community, no effects were detected
apart from the differences between single and mixture
treatments on D49. It can be argued whether 49 days are
sufficient to monitor the medium-term effects of sublethal
concentrations at community levels and the importance of
toxicant prints at lower analytical endpoints (i.e. individual
fitness, genetic changes) when working under these low
concentrations because, independently of their concentration
(low in this research), they are anthrophic-related. This
experiment was motivated by the claim of using the current
legal limits which are based on single species testing, and even
if security factors are applied, the root of the studies may lack
complexity to capture community responses (Van den Brink,
2013; De Laender and Janssen, 2013). Despite of the non-
significant effects found, we support the relevance of moving
of 9
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towards more complex experiments considering toxicant
mixtures. Both drastic and subtle effects on communities are
crucial to understand ecological consequences and for more
accurate ecological risk assessment of our current legal limits.
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